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Abstract

A leaching model was developed using the United States Geological Survey public domain PHREEQC geochemical package to simulate
the leaching of Pb, Cd, As, and Cr from cementitious wastes. The model utilises both kinetic terms and equilibrium thermodynamics of key
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ompounds and provides information on leachate and precipitate speciation. The model was able to predict the leaching of Pb, Cd
rom cement in the presence of both simple (0.1 and 0.6 M acetic acid) and complex municipal landfill leachates. Heavy metal com
y the municipal landfill leachate was accounted for by the introduction of a monoprotic organic species into the model.
The model indicated Pb and As were predominantly incorporated within the calcium silicate hydrate matrix while a greater por

as seen to exist as discrete particles in the cement pores and Cr (VI) existed mostly as free CrO4
2− ions. Precipitation was found to be t

ominant mechanism controlling heavy metal solubility with carbonate and silicate species governing the solubility of Pb and c
ilicate and hydroxide species governing the solubility of Cd. In the presence of acetic acid, at low pH values Pb and Cd acetate
ere predominant whereas, at high pH values, hydroxide species dominated. At high pH values, the concentration of As in the le
overned by the solubility of Ca3(AsO4)2 with the presence of carbonate alkalinity competing with arsenate for Ca ions. In the pr
f municipal landfill leachate, Pb and Cd organic complexes dominated the heavy metal species in solution. The reduction of As
unicipal landfill leachate was crucial for determining aqueous speciation, with typical municipal landfill conditions providing the

orms of As and Cr.
ublished by Elsevier B.V.
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. Introduction

In recent years there have been increased concerns regard-
ng the leaching of hazardous substances from landfills into
ocal surroundings. As a result, an extensive array of leach-
ng tests has been developed to assess the hazards of heavy

etal-containing wastes prior to disposal. Failure to pass a
egulatory leaching test typically necessitates some form of
aste stabilisation, such as cement addition. Batch leach-
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ing tests are the preferred choice for regulatory assess
due to their simplicity, improved reproducibility, and sho
time requirements. However, as batch leaching tests ar
ically run over short time frames, it is debatable whe
the compounds of interest behave similarly in the long t
Modelling can potentially predict the long term leaching
wastes providing a solution to problems inherent to batch
cedures. A model capable of describing contaminant leac
from wastes can assist in improving the development of m
agement options[1].

This study focuses on the leaching of Pb, Cd, As, an
from cement-stabilised waste. The leaching of heavy m
ions from cementitious waste has been extensively inv
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gated[2–7], with many researchers using physical mechanis-
tic leaching models[8–11]. Although physical mechanistic
models can successfully describe the leaching of contami-
nants from cement, this approach does not give direct indi-
cation of chemical species controlling the release. Accord-
ing to van der Sloot et al.[1], the chemistry of elements
and their interaction with substances present in the leaching
fluid, including ligands and sorbing phases, are governing
factors in element release. Geochemical modelling enables
quantitative speciation of elements based on species stability
constants. PHREEQC is a geochemical modelling package
capable of describing chemical reactions and transport pro-
cesses in water. It is based on the equilibrium chemistry
of aqueous solutions with other components, such as min-
erals, gases, solid solutions, and sorbing surfaces. A solid
solution forms when compounds containing similar proper-
ties, such as size and charge, precipitate to form a homoge-
neous solid compound. It is also capable of incorporating
kinetic equations for chemical reactions and determining
speciation at any designated time. Many models have been
developed to describe the chemistry of natural waters[12]
but at present no model of this type has been developed
to describe the leaching of elemental contaminants from
cement.

This paper presents work aimed at using PHREEQC to
develop a model for simulating the leaching of Pb, Cd, As, and
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Table 1
Composition of cementitious wastes (dry weight) containing Pb, Cd, As,
and Cr as determined by X-ray fluorescence[49]

Element Cement composition (mg g−1 of waste)

Pb cement Cd cement As cement Cr cement

Pb 23 0.0 0.0 0.0
Cd 0.0 13 0.0 0.0
As 0.0 0.0 13 0.0
Cr 0.0 0.0 0.0 20
Al 16 15 16 15
C 15 20 11 9
Ca 340 340 340 340
Fe 23 22 23 23
K 6.6 7.5 6.6 6.6
Mg 10 10 10 10
Na 4.5 2.2 13 22
Si 74 73 74 73
S 8.8 8.4 8.8 8.8
Th 0.9 0.9 0.9 0.9
Ti 0.6 0.6 0.6 0.6

2.2. Leaching experiments

The leaching procedure used was that recommended by
Australian Standard AS 4439.3-1997[14]. AS 4439.3-1997
is a modified version of the toxicity characteristic leaching
procedure (TCLP), designed to account for waste disposal
scenarios other than and including codisposal in a municipal
solid waste landfill[14]. Eighty grams of crushed waste was
tumbled with 1600 g of leaching fluid at a speed of 30 rpm.
Approximately ten 10-mL samples were taken at nominated
time intervals between 0 and 7 days. The zero-hour value
corresponds to sample mixed with the leaching fluid for a few
seconds prior to tumbling. Leachate samples were filtered by
a 0.8-micron membrane filter and analysed for metal ions
using an Optima 3000 Inductively Coupled Plasma Atomic
Emission Spectroscope (ICP AES).

Leaching fluids used included 0.1 and 0.6 M acetic acid
solutions and a municipal landfill leachate. 0.1 M acetic
acid is a leaching fluid recommended by AS 4439.3-1997
whereas 0.6 M acetic acid was utilised for comparison with
ML leachate on the basis of final pH. That is, both leachants
attained a final pH of between 10 and 12 after 7 days leach-
ing. The ML leachate was collected in seven 20-L drums
(no headspace) from a pipe leading to a leachate pond in a
mature landfill (∼20 years old). The landfill received both
putrescible and non-putrescible wastes. Approximately 4 L
o anal-
y es
u rved
b -
p .
C
D col-
l here
[

r from cementitious wastes and, where possible, ide
pecies governing the release of these contaminants. M
utcomes were assessed by comparison with leaching p
btained from procedures recommended by AS 4439.3-1
eaching fluids studied included 0.1 and 0.6 M acetic acid
municipal landfill (ML) leachate.

. Experimental procedure

.1. Preparation of cementitious waste

Cementitious wastes were prepared by mixing T
P Ordinary Portland Cement (OPC), supplied by A

ralian Cement (in accordance with Australian Standard
972-1991), with solutions of lead nitrate (Pb(NO3)2), cad-
ium nitrate tetrahydrate (Cd(NO3)2·4H2O), sodium arse
ate (Na2HAsO4·7H2O), or sodium chromate (Na2CrO4)
uch that they contained 2.34% Pb, 1.3% Cd, 1.3% A
.0% Cr by weight, respectively. The metal salts were
olved in water, mechanically blended with the OPC
ured for 28 days at water to cement ratios of 0.38 (Pb-sp
ement), 0.44 (Cd-spiked cement), 0.38 (As-spiked cem
nd 0.31 (Cr-spiked cement). Detailed procedures are fu
escribed in a previous publication[13]. The cured mixture
ere crushed by three consecutive crushers (jaw crusher
rusher, and roller crusher), and passed through a 2.4
esh sieve. The compositions of the cement samples
nalysed using X-ray fluorescence (XRF) and are show
able 1.
f sample was taken from each drum for characteristic
ses, with the remainder stored at 4◦C. Leachate sampl
tilising acetic acid as the leaching fluid were prese
y 2% (v/v) HNO3 addition while the ML leachate sam
les were stored at 4◦C to minimise microbial activity
omposition of the ML leachate is provided inTable 2.
etailed descriptions of landfill properties, leachate

ection, and analytical procedures are described elsew
13].
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Table 2
Composition of the municipal landfill leachate

Leachate characteristics Municipal landfill leachate

pH 7.8± 0.1
BOD5 840± 230
COD 3850± 130
Conductivity (�S cm−1) 24000± 3500
Dissolved inorganic carbon 1900± 700
Dissolved organic carbon 500± 300
Aluminium 0.9± 0
Ammoniuma 2800± 100
Calcium 92± 25
Chloride 2900± 410
Iron 14± 1
Magnesium 120± 5
Phosphate 16± 4
Potassium 1400± 300
Sodium 1700± 300
Sulfate 32± 33

All values are in mg L−1 except for pH and where indicated.
a Calculated from NH3–N level.

3. Establishment of PHREEQC simulation for metal
leaching from cement

PHREEQC Version 2 was used to model the leaching
of contaminants from cementitious wastes. Thermodynamic
data was obtained from the Lawrence Livermore National
Library (LLNL) database. The database was modified to
include thermodynamic data for highly alkaline, and high
Ca and Si systems (provided by Atkins et al.[15] and Berner
[16]), and the US EPA MINTEQ database[17]. The ther-
modynamic data of CaH2SiO4 (C–S–H gel) employed was
consistent with the Berner model for OPC[18].

3.1. Model input

Hydrated Portland cement primarily contains hydrated
calcium silicates (40–50%, w/w) and portlandite (Ca(OH)2)
(20–25%, w/w). The remainder comprises of tricalcium alu-
minate and calcium aluminoferrite (10–20%, w/w), pore
solution (10–20%, w/w), and soluble components (alkalihy-
droxides) (0–5%, w/w)[16]. In the model simulation, cement
was classified into four distinct groups: C–S–H matrix; port-
landite; calcite (portlandite that had adsorbed atmospheric
CO2); and free heavy metal compounds. The portlandite and
calcite matrices were assumed to contain only Ca(OH)2 and
C con-
t
l
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a the
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a S–H

matrix within the cement pores. Values were assumed to be
18% for Pb, 56% for Cd, 12% for As, and 68% for Cr with
respect to the total Pb, Cd, As, and Cr contents in cement and
were estimated by fitting experimental time-dependant leach
data to earlier Electron Microprobe findings. They showed Pb
and As to be predominantly dispersed throughout the C–S–H
matrix and Cd to be mainly present as discrete particles[20].
However, 44% of the Cd was assumed to be dispersed in
the C–S–H matrix to model Cd trapped within the C–S–H
pores. Arsenic was assumed to be present as calcium arsen-
ate, as described by Mollah et al.[21] and believed to exist
in the hydration products. This assumption derived from dif-
ficulties in identifying the actual form of arsenic in cement
and the lack of available thermodynamic data describing the
dissolution of complex arsenic compounds. Chromium was
specified to exist as free chromate ions, which were mostly
soluble and not incorporated in the C–S–H matrix. Previous
experiments indicated chromium possessed a high solubility,
suggesting Cr may only be adsorbed on the surface of cement
or form soluble chromium compounds[20]. This is consis-
tent with Geelhoed et al.[19], who proposed the formation
of Cr(VI)-bearing hydrogarnet, Cr(VI)-hydrocalumite, and
Cr(VI)-ettringite in cement, all of which have a high solubil-
ity.

The absolute metal compositions in each matrix were
calculated based on the actual amounts of the elements as
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t d for
aCO3, respectively. The C–S–H matrix was assumed to
ain C–S–H gel, hydrogarnet (Ca3Al2(H4O4)3), brownmil-
erite (Ca4Al2Fe2O10), NaOH, KOH, Mg(OH)2, CaSO4, and

portion of the heavy metal compounds studied (Pb(O2,
d(OH)2, Ca3(AsO4)2, or CrO4

2−). C–S–H gel, hydrog
rnet, and brownmillerite were chosen to represent
olubility-controlling phases, according to the findings
eelhoed et al.[19] for cement-like chromite ore proces

ng residue. The remaining heavy metal ions (Pb(O2,
d(OH)2, CrO4

2−, or Ca3(AsO4)2) were considered ava
ble to form free compounds not associated with the C–
etermined by XRF (Table 1). This assumes no residu
nhydrated CaO, SiO2, Al2O3, and Fe2O3 was present. Th
mount of C–S–H gel was based on the Si content (Table 1),

he amount of calcite on the C content, the amount of
um on the S content, and the amount of brownmillerit
he Fe content. The amount of hydrogarnet was calculat
ubtraction of the Al content of the brownmillerite from
otal Al content. The portlandite content was calculated
ubtraction of the amounts of Ca in the C–S–H gel, cal
ypsum, hydrogarnet, and brownmillerite from the tota
ontent.

During data entry, the amount of each matrix acces
o the leaching fluids requires specification. Input values
hown inTable 3. Also indicated are the portions of cem
atrix available for acid attack. It was assumed 100%

he matrix was available for acid attack in the presenc
.6 M acetic acid, while 31 and 25% was available for a
ttack when 0.1 M acetic acid and municipal landfill leac
ere used, respectively. These are bulk scaling factors

esenting the overall efficiency of solid/liquid mass tran
ut of the cement matrix, with a higher acid concentra
roviding a higher mass transfer of metal ions. These va
ere obtained by trial and error, based on experimental le

ng data. Hinsenveld[11] suggested that increasing leach
cidity may also increase the release of metals adsorb

he cement surface and allow access to compounds no
ally leached at low acid strengths. Such possibilities w
sed to avoid greater model complexity through attemp

o account for diffusive and surface area controls. Howe
he maximum theoretical amount of calcite was specifie
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−3 each leaching fluid as it was assumed to be entirely con-
tained on the cement surface and therefore readily available
for leaching. Initially, a higher level of free chromate ions was
specified, relative to that present in the bulk matrix, as it was
assumed the easily soluble chromate is more readily available
than chromate in the portlandite and C–S–H matrix. This
is in accordance with previous findings[8], which showed
a greater percentage of Cr release compared to Ca release,
indicating the highly soluble nature of Cr. Mole percents
of the compounds specified in the C–S–H matrix and their
thermodynamic data are shown inTable 4, indicating the pro-
portional amounts estimated to be available for leaching from
the C–S–H matrix.

A schematic of the developed modelling algorithms is
shown in Fig. 1. The model commences with the kinet-
ics of cement dissolution, illustrating the release of cement
components as the waste is mixed with the leaching fluid.
Leaching fluids were defined to be either 0.1 M acetic acid
(pH 2.88), 0.6 M acetic acid (pH 2.5), or municipal land-
fill leachate (pH 7.0) (Table 5). Oxidising conditions were
maintained for the acetic acid solutions (pe 4.0—default pe
in PHREEQC). The municipal landfill leachate was assigned
an initial reducing condition of pe−3.1 (corresponding to
−183 mV at 25◦C), to lie within the range of typical landfill
leachate redox potentials (−100 to−300 mV) [22]. For the
acetic acid leachants, acetate was defined in the input file at
c the
m c X
a c and
i and
a
T L
o
w dis-
s This
c d by
B re-
s

ent
o the
c tep,
P and
s ilib-
r ds,
f nd
a ater
d ns.

3

be
d s with
t ite,
f mi-
n
d e
oncentrations of either 0.1 or 0.6 M. Input definitions for
unicipal landfill leachate included 0.0092 M of Organi
nd 0.16 M of carbonate ions (based on dissolved organi

norganic carbon in the leachate), with other major cation
nion contents determined from the values given inTable 2.
he Organic X content was estimated based on 500 mg−1

f dissolved organic carbon in the leachate (Table 2) coupled
ith the assumption that 45% of the carbon existed as
olved organic matter having a molecular weight of 121.
omposition is typical for landfill leachates as determine
rown et al.[23]. Initial leachate compositions and cor
ponding thermodynamic data are shown inTable 5.

The quantities of metal ions released from the cem
ver any defined leaching period are determined by
ement dissolution kinetics. At each specified time s
HREEQC resolves metal speciation in both the solid
olution forms by establishment of a thermodynamic equ
ium. This occurs through complexation with organic ligan
ormation of solid solutions, solid/liquid equilibrium, a
dsorption onto hydrous ferric oxides and silica gel. Gre
etail on each module is provided in the following sectio

.2. Dissolution rates

According to Berner[24], concrete dissolution can
escribed by several stages. Cement degradation begin

he dissolution of alkali hydroxides and free portland
ollowed by dissolution of calcium silicates, calcium alu
ates, calcium aluminosulfates, and Mg(OH)2, with unhy-
rated SiO2, Al2O3, and Fe2O3 being last to dissolve. Th
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Table 4
Mole percents of metal compounds in the C–S–H matrix

Compounds Mol% in the matrix log solubility constant (Ksp) or
neutralisation constanta (Kn)

Pb cement Cd cement As cement Cr cement

C–S–H gel (CaH2SiO4) 64.5 66.6 59.5 54.4 Kn = 15.30b

Hydrogarnet (Ca3Al2(H4O4)3) 2.2 2.2 2.2 1.4 Kn = 81.45c

Brownmillerite (Ca4Al2Fe2O10) 5.1 5.1 4.7 4.3 Kn = 140.51d

Gypsum (CaSO4·2H2O) 6.7 6.7 6.2 5.7 Ksp=−4.31d

KOHe 4.2 4.9 3.8 3.5 N/Af

Mg(OH)2 10.3 10.7 9.5 8.8 Kn = 16.30d

NaOHe 4.7 2.5 12.4 19.4 N/Af

Pb(OH)2 in C–S–H 2.3 – – – Kn = 12.64g,d

Cd(OH)2 in C–S–H – 1.3 – – Kn = 13.74d

Ca3(AsO4)2 in C–S–H – – 1.7 – Kn = 17.82d

CrO4
2−e in C–S–H – – – 2.5 N/Af

a Neutralisation constant (based on reaction of the metal compound with H+).
b Taken from[18].
c Taken from[50].
d Taken from[51].
e NaOH, KOH and CrO42− assumed present as soluble species.
f Not applicable.
g Neutralisation constant of litharge (PbO + 2H+ = H2O + Pb2+).

cement sample in this study contained a significant amount
of calcite as shown by the level of carbon in the sample
(Table 1). This may be due to carbonation during sampling,
leaving only a small amount of portlandite on the surface.
The dissolution rates of the four matrices in cement are
described in Eq.(1), with the constants for each matrix tab-
ulated inTable 6. The basic form of Eq.(1) was obtained
from the calcite dissolution rate described by Chou et al.
[25].

dM

dt
= 50× 104ksystemA(c1aH+ + c2aH2CO3

+ c3aOH− − c4aCa2+aCO3
2− + c5) (1)

where dM/dt is the dissolution rate of each matrix (calcite,
portlandite, C–S–H matrix, and the free metal compounds);
ksystemis a constant;A is the surface area of the matrix (in

m2 g−1 of waste); andaH+ , aH2CO3, aOH− , aCa2+ , andaCO3
2−

are the activities of H+, H2CO3, OH−, Ca2+, and CO3
2−,

respectively. Values in brackets are in mol cm−2 s−1. The dis-
solution rate was converted to 50 g of waste/L of solution by
the factor “50” while the “104” factor converts surface area
units from m2 g−1 to cm2 g−1.

BET N2 adsorption measurements found the surface area
of the cement sample varied between 65 and 87 m2 g−1. It was
assumed C–S–H gel dominated the surface area as C–S–H
gel consists of much smaller particles than portlandite and
calcite, as seen in SEM images from Kjellsen and Justnes
[26]. Therefore, a surface area of 70 m2 g−1 of sample was
attributed to the C–S–H component. The portlandite parti-
cle size was approximated by a cylinder of diameter 4�m
and length 10�m [27]. The calcite particles were assumed
to be cubic in shape with a width of 10�m [28]. These

ram of
Fig. 1. Schematic diag
 the modelling algorithms.
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Table 5
Initial concentration of leachate components upon exposure of metal contaminated cements to acetic acid or municipal landfill leachate

Compounds Initial concentration (mol L−1) log formation constant (Kf ) or neutralisation
constant (Kn)a or dissociation constant (Kd)Pb-contaminated

cement
Cd-contaminated
cement

As-contaminated
cement

Cr-contaminated
cement

Acetateb 0.1/0.6 0.1/0.6 0.1/0.6 0.1/0.6 Kd =−4.76c,d

CO3
e 0.16 0.16 0.16 0.16 Kd =−10.33c,f

Organic Xe 0.0092 0.0092 0.0092 0.0092 –
Nae 0.074 0.074 0.074 0.074 –
Ke 0.036 0.036 0.036 0.036 –
Mge 0.0050 0.0050 0.0050 0.0050 –
Cle 0.082 0.082 0.082 0.082 –
NH4

e 0.16 0.16 0.16 0.16 –
Pe 0.00052 0.00052 0.00052 0.00052 –
Se 0.00048 0.00048 0.00048 0.00048 –

Complex species
PbOrganic X+ 0 – – – Kf = 9.40g

PbOrganic X2 0 – – – Kf = 10.40g

PbOrganic X3− 0 – – – Kf = 11.40g

CdOrganic X+ – 0 – – Kf = 7.60g

CdOrganic X2 – 0 – – Kf = 8.40g

CdOrganic X3− – 0 – – Kf = 9.90g

Adsorbed speciesh

Hfo sOPb+ 0 – – – Kd = 4.65c,i

Hfo wOPb+ 0 – – – Kd = 0.30c,i

Surf sOPb+ 0 – – – Kd =−7.75i ,j

(Surf sO)2Pb – 0 – – Kd =−17.23i ,j

Hfo sOCd+ – 0 – – Kd = 0.47c,i

Hfo wOCd+ – 0 – – Kd =−2.91c,i

Surf sOCd+ – 0 – – Kd =−10.40i ,j

Hfo wH2AsO4 – – 0 – Kf = 29.31i

Hfo wHAsO4
− – – 0 – Kf = 23.51i

Hfo wOHAsO4
3− – – 0 – Kf = 10.58i

Hfo wCrO4
− – – – 0 Kf = 10.29i

Hfo sCrO4
− – – – 0 Kf = 10.29i

Solid solution
Fe(OH)3 0 0 0 0 Kn = 5.66c

Gibbsite (Al(OH)3) 0 0 0 0 Kn = 7.76c

Litharge (PbO) 0 0 0 0 Kn = 12.64c,k

Ca3(AsO4)2 0 0 0 0 Kn = 17.82c

a Neutralisation constant (based on reaction of the metal compound with H+).
b 0.1 or 0.6 M acetic acid used as leaching fluid.
c Taken from[51].
d Dissociation constant (HAcetate = H+ + acetate−).
e Municipal landfill leachate used as leaching fluid.
f Constant for dissociation of HCO3− to CO3

2− (HCO3
− = CO3

2− + H+).
g Organic complexation formation constant/conditional stability constant (Mn+ +y Organic X− = MOrganic Xn−y

y where M is a metal ion, Organic X is an
organic ligand, andn andy are constants). Values chosen as they provide a good fit for Pb and Cd leachate concentrations.

h Hfo represents hydrous ferric oxide surface: Hfow represents weak surface adsorption; Hfos represents strong surface adsorption. Surfs represents surface
silanol groups.

i Constant describing surface complex formation (SurfaceOH + Mn+ = SurfaceOM(n−1)+ + H+ where M is metal ion).
j Taken from[42].
k Neutralisation constant of litharge (PbO + 2H+ = H2O + Pb2+).

definitions correspond to surface areas of 490�m2/calcite
particle and 150�m2/portlandite particle and weights of
2.0× 10−9 g/calcite particle and 2.8× 10−9 g/portlandite
particle. Calcite and portlandite densities were obtained from
Joye and Demont[29]. Portlandite and calcite surface areas
per gram of sample were estimated from the mass compo-
sitions and particle sizes. Significantly smaller surface areas
were selected for free Pb(OH)2, Cd(OH)2, Ca3(AsO4)2, and

CrO4
2− due to their low relative contents in the cement. Con-

stant surface area with time was assumed in this simulation.
The rate constants for calcite dissolution (c1, c2, c4, c5)

were based on values obtained by Chou et al.[25]. To account
for the different mixing process in this study (tumbling)
compared to Chou et al. (continuous fluidised bed reactor),
and the therefore different diffusion processes, a constant
“ksystem” was introduced. The portlandite dissolution rate



C.E. Halim et al. / Journal of Hazardous Materials A125 (2005) 45–61 51

Table 6
Dissolution rate constants of cement as described in Eq.(1)

M ksystem A (m2 g−1) Rate constants (mol cm−2 s−1 M−1)

Pb cement Cd cement As cement Cr cementc1 c2 c3 c4 c5

Calcite 0.77 0.04 0.05 0.02 0.02 10−4.05a 10−7.30a – 10−1.72a 10−10.2a

Portlandite 0.77 0.13 0.13 0.14 0.15 10−2.95b – – – 10−9.19b

C–S–H matrix 0.77 70 70 70 70 10−7.88b – 10–9.53b – –
Free Pb(OH)2 0.77 0.01 – – – 10−2.95b – – – 10−9.19b

Free Cd(OH)2 0.77 – 0.01 – – 10−2.95b – – – 10−9.19b

Free Ca3(AsO4)2 0.77 – – 0.01 – 10−2.95b – – – 10−9.19b

Free CrO4
2− 0.77 – – – 0.01 10−2.8b – 10−3.50b – –

a Taken from[25].
b Fitted to experimental data.

was described in a similar manner to calcite dissolution.
Portlandite dissolution was defined as only being governed
by the presence of H+. Higher rate constants to depict the
faster dissolution rate of portlandite over calcite[30] were
also used. These constants generate slightly higher port-
landite dissolution rates (10−7.9 and 10−9.1mol cm−2 s−1 at
pH 5 and 7, respectively) compared to CaO (10−8.4 and
10−9.5mol cm−2 s−1 at pH 5 and 7, respectively), as indicated
by Segall et al.[31]. The difference in values is reasonable
as oxide dissolution should be slower than hydroxide dis-
solution due the oxide requiring a hydration step prior to
dissociation of the hydroxide.

Dissolution rate constants of the C–S–H matrix, which
were unable to be located in the literature, were set at much
lower values than calcite and portlandite as it is widely recog-
nised that C–S–H disintegration occurs at slower rate than
these two minerals[24]. While it is well known that C–S–H
dissolution is strongly influenced by H+ [32], other studies
have suggested OH− may also play a role[33]. Dissolution
also releases other compounds present in the C–S–H matrix
(Table 3) in amounts proportional to their relative composi-
tions (Table 4). Free metal compound (Pb(OH)2, Cd(OH)2,
and Ca3(AsO4)2) dissolution was defined to have the same
rate constants as portlandite dissolution, and only to be influ-
enced by the H+ term as the metal hydroxides were assumed
to have the same accessibility to the leachate as portlandite.
T h
t both
H than
b usly
o d for
C

used
f ith
l ility
o free
m

3

ely
d ble

to complex with the metal cations. Therefore, a monoprotic
Organic X was selected. Complexation reactions of Organic
X with Pb and Cd, cations, (represented by (M2+)) are shown
in Eqs.(2)–(4). As As and Cr were added as anions, their
complexation was assumed negligible.

M2+ + Organic X− = MOrganic X+

K1 = [MOrganic X+]

([M2+][Organic X−])
(2)

M2+ + 2Organic X− = MOrganic X2

K2 = [MOrganic X2]

([M2+][Organic X−]2)
(3)

M2+ + 3Organic X− = MOrganic X−
3

K3 = [MOrganic X−
3 ]

([M2+][Organic X−]3)
(4)

The log values ofK1, K2, andK3 are provided inTable 5.
These were estimated such that Pb and Cd release profiles
agreed with experimental results. Although typical condi-
tional stability constants of Pb and Cd complexes in landfill
leachates are not readily available, the values used here are
c
c at-
t 5
f for
C udies
[

3
i

olid
s and
C ith
F

d by
a
g n this
he rate of dissolution of free CrO42− dispersed throug
he C–S–H gel phase was assumed to be influenced by

+ and OH−. The assigned rate constants were higher
oth portlandite and C–S–H dissolution as it was previo
bserved that a higher degree of leaching was obtaine
r than Ca in the cement system[20].
The same cement dissolution rate constants were

or all leaching fluids. Variations are only associated w
eaching fluid compositions and the maximum availab
f cement components (portlandite, C–S–H matrix, and
etal ion) to dissolve (Table 3).

.3. Complex formation

The complicated nature of ML leachate makes it extrem
ifficult to identify organic materials in the leachate availa
omparable to those measured by Muller[34] for Pb and Cd
omplexation with dissolved, colloidal, and particulate m
er in estuarine and coastal waters (logK between 9.5–12.
or Pb and 9.5–10.5 for Cd). The lower stability constants
d, compared to Pb, are also consistent with other st

34,35].

.4. Solid solution formation, adsorption on hydrous
ron oxides, and equilibrium state of compounds

The model assumes the potential for formation of a s
olution of Fe and Al as hydroxides. Litharge (PbO)
a3(AsO4)2 were also assumed to form a solid solution w
e and Al hydroxides[36].

Metal ion concentration was assumed to be affecte
dsorption on hydrous ferric oxides (Hfo)[37,38]and silica
el [39]. Surface site densities and surface area used i
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study were 0.2 mol weak Hfo sites/mol Fe, 0.005 mol strong
Hfo sites/mol Fe, and 600 m2 g−1, respectively[40]. The
surface complexation constants for Hfo were obtained from
the Lawrence Livermore National Library (LLNL) database,
sourced from a review by Dzombak and Morel[41]. A value
of 600 m2 g−1 was used to describe the silica gel surface area
(Surf s) for a 0.2 mol silanol (SiOH)/mol of Si system[32].
The ionisation constant for silica gel was taken from Iler[32]
while the complexation constants for the silica gel surface
with Pb2+ and Cd2+ were taken from Schindler et al.[42].
Values are shown inTable 5.

The metal concentration in the leachate is governed by
the equilibrium states of solid compounds in the system.
To account for the lack of information available regarding
the kinetics of precipitation of most compounds, equilibrium
was assumed for possible equilibrium-controlling species,
including Fe(OH)3, gibbsite, portlandite, calcite, and poten-
tial metal precipitates, such as litharge, alamosite, Pb2SiO4,
cerussite, hydrocerussite, otavite, CdSiO3, calcium arsenate,
calcium chromate, eskolaite, and ferric arsenate. This func-
tion ensures the precipitation of compounds having saturation
indices (SI’s) close to the specified target SI, as shown in
Table 7. SI is the ratio of the logarithm of the ion activity
product to the logarithm of the solubility product. A posi-
tive SI indicates precipitation of the mineral while a negative
SI indicates mineral solubilisation. Minerals possessing SI’s
b ing
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liquors containing significant amount of silicate, as calcium
preferentially adsorbs on silicate minerals[43].

4. Results and discussion

4.1. Leaching of Pb

Experimental and simulated Pb and Ca concentration pro-
files for Pb-contaminated cement leached with 0.1 M acetic
acid are displayed inFig. 2. The SI’s of selected compounds
at different leaching stages are provided inTable 8. In agree-
ment with the portlandite dissolution rate, all the portlandite
available on the cement surface dissolved within the first
few minutes. This is consistent with Berner’s findings for the
degradation of concrete[24] and was found to be primarily
responsible for the final solution pH. The modelling results
(not shown here) indicated calcite dissolution occurred next
and, when a pH of approximately 12 was attained, C–S–H
dissolution played a role in further pH increase and metal
ion release. Knowledge of the occurrence of each dissolution
stage is important as it provides greater insight into factors
controlling Pb release.

According to the model, the initial Pb presence observed
in Fig. 2 was due to the release of free Pb(OH)2 trapped
within the cement pores. Decreasing this parameter within the
m sed.
D om-
p
i
P
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m osite
a tes
r ting
t pro-
g

F tain-
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etween−2.0 and 2.0 are most likely to be the controll
ineral for constituent element solubility. In similar m
ral series (e.g. oxides, hydroxides, carbonates), the m
ith the smallest positive SI will precipitate first due to

owest interfacial free energy, according to the Ostwald
ule [43]. SI values for compounds relevant to each he
etal waste were set at 0.0. An oversaturation SI of 0.75

pecified for calcite due to its tendency to supersatura

able 7
eutralisation or solubility constants of metal compounds specifie
quilibrium

ompounds Log neutralisation constanta (Kn) or
solubility constant (Ksp)

lamosite (PbSiO3) Kn = 5.67b

a3(AsO4)2 Ksp=−18.9b

a3(AsO4)2·4H2O Ksp=−18.9c

a3(AsO4)2·6H2O Ksp=−18.9d

alcite (CaCO3) Kn = 1.85b

d(OH)2 Kn = 13.74b

erussite (PbCO3) Kn =−3.21b

skolaite (Cr2O3) Ksp=−9.13b

e(OH)3 Kn = 5.66b

ibbsite (Al(OH)3) Kn = 7.76b

ydrocerussite
(Pb3(CO3)2(OH)2)c

Kn = 1.85b

itharge(PbO) Kn = 12.64b

tavite (CdCO3) Kn =−1.77b

ortlandite (Ca(OH)2) Kn = 22.56b

a Neutralisation constant (based on reaction of metal compound with+).
b Taken from[51].
c Taken from[52].
d Taken from[17].
odel resulted in a significant decrease in initial Pb relea
uring the early stages of leaching, (30 s), all solid c
ounds possessed negative SI values (Table 8) with the dom-

nant Pb species in solution being PbAcetate3
−, PbAcetate+,

bAcetate2, and Pb2+.
A pH increase after 3 min of leaching caused a r

ecrease in the Pb concentration (Fig. 2), suggested by th
odel as due to its precipitation as silicate species (alam
nd Pb2SiO4—Table 8). Simultaneously, the model indica
eformation of the C–S–H gel occurs, possibly contribu
o the precipitation of these silicate species. As leaching
ressed and the pH increased to 12 (Fig. 2), Pb released from

ig. 2. Experimental and modelling results for cementitious waste con
ng Pb tumbled with 0.1 M acetic acid. Ca concentrations are multiplie
.01.
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Table 8
SI’s of selected compounds at different stages of leaching for Pb-contaminated cement

Formula 0.1 M acetic acid 0.6 M acetic acid ML leachate

30 s 180 s 73 h 30 s 73 h 30 s 180 s 73 h

pH 5.2 11.3 12.2 4.4 6.7 8.7 8.9 10.9
pe 13.5 6.9 6.2 14.9 11.7 1.8 1.3 −4.2

Dominant Pb species
in solution

PbAcetate3−
(60%)

Pb(OH)3−
(70%)

Pb(OH)3−
(95%)

PbAcetate3−
(88%)

PbAcetate3−
(94%)

PbOrganic
X+ (95%)

PbOrganic
X+ (95%)

PbOrganic
X+ (89%)

PbAcetate+

(25%)
Pb(OH)2
(29%)

Pb(OH)2
(5%)

PbAcetate+

(6%)
PbAcetate2
(4%)

PbOrganic
X2 (5%)

PbOrganic
X2 (5%)

Pb(CO3)2
2−

(7%)
PbAcetate2
(11%)

PbOH+

(1%)
PbAcetate2
(6%)

PbAcetate+

(3%)
PbOrganic
X2 (4%)

Pb2+ (4%)

Alamosite PbSiO3 −4.4 1.9 1.7 −6.0 −0.75 −6.2 −4.2 0.77
Anglesite PbSO4 −3.0 −7.3 −8.0 −3.2 −2.5 −6.6 −5.9 −7.0
Brownmillerite Ca4Al2Fe2O10 −81 −34 −25 −87 −68 −74 −71 −51
Ca2Al2O5·8H2O Ca2Al2O5.8H2O −27 −4.1 0.42 −32 −21 −28 −26 −19
Ca4Al2O7·19H2O Ca4Al2O7.19H2O −54 −6.7 1.4 −62 −42 −48 −45 −25
CaH2SiO4 (gel) CaH2SiO4 −10 1.1 3.4 −11 −4.1 −8.7 −7.5 −2.0
Calcite CaCO3 −2.7 0.75 0.75 −3.5 0.75 0.75 0.75 0.75
Cerussite PbCO3 −1.1 −2.5 −5.1 −2.6 0.00 −0.92 0.00 −0.62
Ettringite Ca6Al2(SO4)3

(OH)12.26H2O
−44 −6.9 5.1 −48 −26 −42 −40 −25

Hydrocerussite Pb3(CO3)2(OH)2 −5.6 −0.89 −6.9 −11 −2.3 −4.6 −1.6 0.00
Hydrogarnet Ca3Al2(H4O4)3 −41 −5.2 1.1 −46 −31 −38 −35 −19
Lanarkite Pb(SO4)O −5.4 −2.3 −3.7 −7.7 −3.9 −8.5 −6.6 −4.9
Litharge PbO −7.6 −0.19 −0.99 −9.7 −6.6 −7.1 −5.9 −3.1
Massicot PbO −7.8 −0.37 −1.2 −9.9 −6.8 −7.3 −6.1 −3.3
Pb2SiO4 Pb2SiO4 −12 2.0 0.95 −15 −7.1 −13 −9.8 −2.0
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Fig. 3. Experimental and modelling results for cementitious waste contain-
ing Pb tumbled with 0.6 M acetic acid. Ca concentrations are multiplied by
0.01.

the cement increased again until it reached equilibrium. Here,
according to the model, Pb exists predominantly in solution
as hydroxy complexes (Pb(OH)3

− and Pb(OH)2) and silicate
precipitation remains the controlling mechanism for Pb sta-
bility. The quicker increase in Pb concentration above pH 12
for the modelling results (Fig. 2), despite similar pH profiles,
may result from slower kinetics of Pb dissolution from pre-
cipitated Pb(OH)2, due to its hydroxy complexes. This was
not kinetically simulated in the model as it was considered
a second order effect. Modelling also indicated the precip-
itation of Pb as a solid solution with Al and Fe hydroxides
controlled its concentration. That is, removing litharge (PbO)
from the solid solution led to a significant overestimation of
Pb in the leachate.

Leaching with 0.6 M acetic acid (Fig. 3) saw the amount of
Pb in the leachate increase during the first 3 h, after which, an
increase in the pH produced a decrease in Pb concentration.
The higher acetic acid concentration led to a slow increase in
pH and a slow rate of Pb removal from the leachate. After 73 h
of leaching, PbAcetate3−, PbAcetate2, and PbAcetate+ were
the dominant Pb species in the solution with Pb-carbonate
alluded to be governing Pb stability (Table 8).

Although modelling denoted Pb to be strongly adsorbed on
hydrous iron oxide and silanol surfaces, as has been observed
by other researchers[32,37,38], this effect was not found
to dictate here due to the low amounts of soluble Fe and
S alled
l and
s f Pb
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i
t hing
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Fig. 4. Experimental and modelling results for cementitious waste contain-
ing Pb tumbled with ML leachate. Ca concentrations are multiplied by 0.1.

plexation of Pb with Organic X dominates Pb speciation in
the solution below pH 10. Decreasing the stability constants
of the Pb complexes led to an underestimation of Pb concen-
tration, whereas increasing the stability constants resulted in
overestimation of the dissolved Pb. At 180 s of leaching, the
pH of the leachate had increased to 8.9, with Pb indicated to
be precipitating as cerrusite. A further increase in pH to above
11 saw hydrocerussite and lead silicate precipitates likely to
be the solubility controlling species.

It is also apparent from the model that C–S–H dissolution
kinetics is governed by OH− concentration. Omission of this
species from the ML leachate simulation gives a constant
pH following complete dissolution of portlandite and calcite.
This is not observed inFig. 4. The effect was also evident
for the 0.1 and 0.6 M acetic acid leachates, but is more pro-
nounced for the ML leachate due to its approximately neutral
initial pH. That is, at an initial neutral pH and considering only
H+ in the kinetics of CSH dissolution, no significant driving
force will be available to release the cement components. H+

species lead to significant leaching only at low pH.

4.2. Leaching of Cd

Cd and Ca concentration profiles for the leaching of Cd-
spiked cementitious waste by 0.1 and 0.6 M acetic acid are
s se
s y
r es in
s
C ing
p t 73 h
o and
s ate.

en 3
a ental
r e
f the
m hoot.
i in the system, available as adsorption sites. This tot
ess than 0.1 ppm of Pb adsorbed on hydrous iron oxide
ilica gel surfaces for 0.1 M acetic acid and 6.8 ppm o
s HfosOPb+, 0.8 ppm of Pb as HfosOPb+, and less tha
.1 ppm of Pb adsorbed on the silica gel for 0.6 M ac
cid. Overall, precipitation was found to be the mechan
ontrolling Pb concentration in the leachate.

Pb, Ca and pH profiles as a function of leaching dura
n the presence of ML leachate are provided inFig. 4, with
he SI’s of various compounds at different stages of leac
y the ML leachate presented inTable 8. The initial increas

n Pb (Fig. 4) is due to complexation of Pb with Organic
his is illustrated in the model (Table 8), which shows com
hown inFigs. 5 and 6, respectively. Model outputs for the
ystems are given inTable 10. The 0.1 M acetic acid initiall
eleased a high amount of Cd with the dominant speci
olution indicated to be CdAcetate+, CdAcetate2, Cd2+, and
dAcetate3−. Carbonate acted as the solubility controll
hase. The model specified the increase in pH to 12 (a
f leaching) resulted in solubilisation of the carbonate
ubsequent precipitation of Cd as its hydroxide and silic

The model was unable to simulate Cd release, betwe
nd 80 h for the acetic acid, underestimating experim
esults during this period (Fig. 6). This may be due to som
actor in the Cd leaching/speciation, unaccounted for by

odel in its current form, leading to the observed unders
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Fig. 5. Experimental and modelling results for cementitious waste contain-
ing Cd tumbled with 0.1 M acetic acid. Ca concentrations are multiplied by
0.01.

Both precipitation of Cd(OH)2 in a solid solution with
Al and Fe hydroxides and adsorption of Cd onto either the
hydrous iron oxide or silica gel surfaces were reported by the
model to be insignificant for controlling Cd concentration
in the leachate. Less than 0.1 ppm of Cd was adsorbed on
hydrous iron oxide and silica gel using 0.1 M acetic acid and
0.1 ppm of Cd was adsorbed as HfosOCd+ using 0.6 M acetic
acid (after 73 h of leaching).

The modelling and experimental results for the leaching
of Cd and Ca from cementitious waste by ML leachate are
shown in Fig. 7. SI values are provided inTable 9. The
model findings imply complexation of Cd with organic lig-
ands increased the soluble Cd early in the leaching process.
The increase in pH with time gives rise to the precipitation of
Cd as carbonate and silicate species. Cd concentration was
not experimentally monitored between 0 and 1 h, such that
existence of the peak described by PHREEQC over this time
frame cannot be confirmed here.

F tain-
i d by
0

Fig. 7. Experimental and modelling results for cementitious waste contain-
ing Cd tumbled with ML leachate. Ca concentrations are multiplied by 0.01.

4.3. Leaching of As

Figs. 8 and 9show the leaching profiles of As and Ca from
cementitious waste using 0.1 and 0.6 M acetic acid, respec-

Fig. 8. Comparison between experimental and modelling results for cemen-
titious wastes containing As tumbled with 0.1 M acetic acid. Ca concentra-
tion is multiplied by 0.01.

Fig. 9. Comparison between experimental and modelling results for cemen-
titious wastes containing As tumbled with 0.6 M acetic acid. Ca concentra-
tion is multiplied by 0.02.
ig. 6. Experimental and modelling results for cementitious waste con
ng Cd tumbled with 0.6 M acetic acid. Ca concentrations are multiplie
.01.
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Table 9
SI’s of selected compounds at different stages of leaching for Cd-contaminated cement

Formula 0.1 M acetic acid 0.6 M acetic acid ML leachate

30 s 180 s 73 h 30 s 73 h 30 s 180 s 73 h

pH 5.2 11.1 12.2 4.4 6.5 8.7 8.9 10.8
pe 13.5 0.7 −1.1 15.0 11.9 2.3 2.0 −2.7

Dominant Cd species
in solution

CdAcetate+

(45%)
Cd(OH)2
(70%)

Cd(OH)2
(80%)

CdAcetate2
(47%)

CdAcetate2
(48%)

CdOrganic
X+ (96%)

CdOrganic
X+ (96%)

CdOrganic
X+ (95%)

CdAcetate2
(32%)

CdOH+

(15%)
Cd(OH)3−
(19%)

CdAcetate+

(31%)
CdAcetate3−
(25%)

CdOrganic
X2 (3%)

CdOrganic
X2 (3%)

CdOrganic
X2 (3%)

Cd2+

(19%)
CdAcetate+

(8%)
CdOH+

(1%)
CdAcetate3−
(15%)

CdAcetate+

(22%)
CdOrganic
X3

− (1%)
CdOrganic
X3

− (1%)
CdOrganic
X3

− (1%)
CdAcetate3−
(4%)

CdAcetate2
(7%)

Cd(OH)42−
(1%)

Cd2+ (7%) Cd2+ (4%) Cd(CO3)2
2−

(1%)
CdAcetate42−
(1%)

Brownmillerite Ca4Al2Fe2O10 −81 −34 −25 −88 −69 −66 −65 −52
Ca2Al2O5·8H2O Ca2Al2O5·8H2O −27 −4.1 0.52 −32 −22 −20 −20 −13
Ca4Al2O7·19H2O Ca4Al2O7·19H2O −54 −7.7 1.5 −62 −43 −40 −39 −26
CaH2SiO4 (gel) CaH2SiO4 −10 0.52 3.4 −11 −4.4 −8.8 −7.7 −2.2
Calcite CaCO3 −2.8 0.75 0.75 −3.5 0.75 0.75 0.75 0.75
Cd(OH)2 Cd(OH)2 −8.2 0.00 0.00 −9.8 −6.7 −6.1 −5.6 −2.4
CdSiO3 CdSiO3 −6.0 1.3 1.9 −6.7 −1.5 −6.1 −4.7 0.74
CdSO4 CdSO4 −11 −14 −14 −9.8 −8.8 −12 −12 −13
Ettringite Ca6Al2(SO4)3

(OH)12·26H2O
−45 −8.4 5.2 −49 −27 −34 −34 −26

Hydrogarnet Ca3Al2(H4O4)3 −41 −5.7 1.2 −47 −32 −30 −29 −19
Otavite CdCO3 −2.2 −2.2 −4.5 −2.9 0.00 −0.25 0.00 0.00



C.E. Halim et al. / Journal of Hazardous Materials A125 (2005) 45–61 57

Table 10
SI’s of selected compounds at different stages of leaching for As-contaminated cement

Formula 0.1 M acetic acid 0.6 M acetic acid ML leachate

30 s 180 s 73 h 30 s 73 h 30 s 180 s 73 h

pH 5.3 11.5 12.2 4.5 7.3 7.9 8.4 11.5
pe 13.5 7.1 6.5 14.7 11.5 2.9 1.5 −5.6

Dominant As species
in solution

H2AsO4
−

(94%)
AsO4

3−
(76%)

AsO4
3−

(96%)
H2AsO4

−
(81%)

HAsO4
2−

(91%)
HAsO4

2−
(97%)

HAsO4
2−

(99%)
AsO4

3−
(82%)

HAsO4
2−

(6%)
HAsO4

2−
(24%)

HAsO4
2−

(4%)
HAsO4

2−
(19%)

H2AsO4
−

(9%)
H2AsO4

−
(3%)

H2AsO4
−

(1%)
HAsO4

2−
(18%)

Arsenolite As2O3 −48 −76 −81 −48 −53 −25 −23 −19
As2O5 As2O5 −20 −48 −53 −18 −25 −29 −31 −43
Brownmillerite Ca4Al2Fe2O10 −80 −32 −25 −86 −63 −69 −67 −47
Ca2Al2O5·8H2O Ca2Al2O5·8H2O −27 −3.2 0.45 −31 −19 −22 −21 −11
Ca3(AsO4)2 Ca3(AsO4)2 −9.7 −0.27 −1.1 −11 −1.4 −10 −10 −7.2
Ca3(AsO4)2·4H2O Ca3(AsO4)2·4H2O −9.8 −0.31 −1.1 −11 −1.5 −10 −10 −7.2
Ca3(AsO4)2·6H2O Ca3(AsO4)2·6H2O −9.8 −0.28 −1.1 −11 −1.5 −10 −10 −7.2
Ca4Al2O7·19H2O Ca4Al2O7·19H2O −54 −5.1 1.4 −60 −37 −43 −41 −21
CaH2SiO4 (gel) CaH2SiO4 −10 1.4 3.4 −11 3.4 −10 −8.7 −1.6
Calcite CaCO3 −2.9 0.75 0.75 −2.9 0.75 0.75 0.75 0.75
FeAsO4·2H2O FeAsO4 −1.9 −16 −18 −0.36 −4.3 −6.3 −7.1 −13
Hydrogarnet Ca3Al2(H4O4)3 −41 −3.9 1.1 −45 −27 −32 −31 −15

tively. Initial SI’s of selected minerals and SI’s after 73 h of
leaching are shown inTable 10. Fig. 8shows an initial slow
pH increase was experienced in the presence of 0.1 M acetic
acid followed by a sharp increase after approximately three
minutes. This pH increase was simulated by dissolution of
the available portlandite, which is consumed very early in the
leaching process. With increasing time and pH, portlandite
dissolution was followed by calcite and C–S–H matrix disso-
lution. The latter is responsible for both calcium and further
contaminant release at the alkaline pH.

The PHREEQC simulation suggests As was initially
released from both the C–S–H matrix and discrete
Ca3(AsO4)2, mainly as H2AsO4

− and low levels of
HAsO4

2−. The negative SI values of the selected solid com-
pounds shown inTable 10illustrate these compounds were
soluble under this condition.Table 10also indicates at low
pH the solubility of As may be controlled by the solubil-
ity of ferric arsenate, which has an SI close to 0. As the
leaching progresses, the leachate pH increases due to alka-
linity release from the cement. This increase provides an
increase in the SI’s of many of the calcium minerals to
above 0.0, signifying precipitation of these compounds in
the system. Furthermore, according to the model, the pH
increase also results in the solubilisation of ferric arsenate
precipitate and the formation of a Ca3(AsO4)2 precipitate
with the released calcium (SI close to 0). In addition, the
a n of
a ect
w ium
a

cid.
A pH
p cium
a ain,

the precipitation of As as Ca3(AsO4)2 was evoked to control
As solubility.

Although the simulation showed As was strongly adsorbed
on hydrous iron oxide surfaces, as has been similarly reported
by van der Hoek et al.[44], only a small portion of As (<0.1
and 3.3 ppm Arsenic as HfowOHAsO4

3− after 73 h of leach-
ing with 0.1 and 0.6 M acetic acid, respectively) was removed
from solution by this mechanism. This is a consequence of the
low level of Fe released (∼3 mg L−1 with 0.1 M acetic acid
and∼40 mg L−1 with 0.6 M acetic acid from experimental
results) in these systems and indicates precipitation of arse-
nate compounds plays a greater role in controlling arsenic
concentration.

The municipal landfill leachate As leaching profile is
shown inFig. 10with the SI’s of selected compounds pre-
sented inTable 7and reveals in the initial stages As was
predominantly leached as HAsO4

2− and H2AsO4
−. Follow-

F s for
c hate.
rsenic concentration was influenced by the formatio
solid solution with Fe and Al hydroxides, but this eff
as not as significant as the precipitation of As as calc
rsenate.

Similar observations were made with 0.6 M acetic a
t the higher acid concentration, a slower increase in
rovided a slower decrease in As concentration as cal
rsenate precipitation is more favourable at high pH. Ag
ig. 10. Comparison between experimental and modelling result
ementitious wastes containing As tumbled with municipal landfill leac
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ing 2 h of leaching, a dramatic increase in the simulated As
solution level, due to an elevated C–S–H dissolution rate at
the highly alkaline pH, contributed by the “OH−” component
in Eq.(1). Removing the “OH−” term during C–S–H dissolu-
tion resulted in a constant leachate pH following portlandite
and calcite consumption, which was not observed experimen-
tally. After 73 h of leaching, as the pH increased to 11.5, the
SI’s of most compounds increased. However, it can be seen
that the SI’s of the calcium arsenate minerals remained well
below 0.0 (−10), resulting in a higher modelled As concentra-
tion in solution than seen experimentally with the municipal
landfill leachate. It is possible that in the pH 10–12 region As
readsorbs onto components of the cement, such as ettringite,
which the acetic acid-based leaches had previously dissolved
[44]. This may be responsible for the lower experimentally
observed As solution concentrations.

As a comparison, at a pH of 11.5 during leaching by the
0.1 M acetic acid (after 180 s of leaching—Table 10) the
SI’s of the calcium minerals are close to 0.0, indicating a
lower solubility for As. It is clear from the simulation the
high As concentration in the municipal landfill leachate is
due to the preferential precipitation of calcium as calcium
carbonate (SI = 0.75) resulting from the substantial level of
dissolved inorganic carbon in the leachate. This supports pre-
vious inferences[13] regarding competition between calcium
carbonate and calcium arsenate precipitation in municipal
l find-
i fills
m y an
a al of
h car-
b ing
i

As
s con-
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m f only
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i nder
a duc-
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firm metal containment mechanisms in C–S–H and similar
phases.

The simulation indicated a substantial increase in As
occurred after 2 h of leaching, however, this was not evi-
dent in the experimental work until after 10 h of leaching.
The current rate constants were defined to give reasonable
trends for all metal ions investigated (As and Cr) and for all
leaching fluids. It is possible minor variations in the alka-
linity of the cement-stabilised waste between batches and
slightly different rate constants may occur within the differ-
ent systems. Slight adjustments to the OH− component of the
C–S–H dissolution rate constant brought the model pH/time
profile closer to experimental observations.

The model can act as a semi-predictive tool for the leaching
of As from cementitious waste by providing speciation data
at different leaching durations, which are difficult to obtain
experimentally. The simulation shows leaching of As from
cementitious waste is primarily governed by the dissolution
rate of As from the C–S–H matrix and the concentration of
As in the solution at high pH is influenced by the solubil-
ity of Ca3(AsO4)2. The presence of carbonate alkalinity in
the solution leading to the formation of CaCO3 precipitate
may therefore influence arsenate solubility. However, further
studies are required to elucidate factors leading to the dis-
crepancies between the experimental and modelling results
particularly for the ML leachate in the long term.

4

n of
l wn in
F nds
a d,
C
T 0.1
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andfill leachate as controlling As concentration. Such a
ng is important as it indicates leaching in municipal land

ay produce higher levels of arsenic than indicated b
cetic acid leachant, leading to inappropriate dispos
azardous waste. Employing a leaching fluid containing
onate alkalinity would improve the simulation of leach

n a municipal landfill leachate.
Minor variations in the pe of the ML leachate varied

peciation, although this did not necessarily affect As
entration. For instance, at an initial pe of−3.1 As mainly
xists as As(V). A decrease to−3.5 resulted in 90% of th
rsenic existing as As(III). As speciation analysis by ion c
atography/mass spectrometry showed the presence o
s(V) in the leachate sample after 7 days leaching by

eachate, a pe of−3.1 was used for this simulation. It
mportant to note these experiments were conducted u
mbient conditions without any attempt to establish a re

ng environment. In a municipal landfill environment, As m
xist as As(III) which is 60 times more toxic than As(
45], but can be more readily attenuated by precipita
s orpiment (As2S3) [46] and thioarsenite aqueous spec

47].
Simulation of the As leaching from cement revea

ncreasing arsenic content in the C–S–H matrix and dec
ng arsenic content in the free Ca3(AsO4)2 produced a
verestimation of the experimental As solution concen
ion. This suggests As is predominantly contained wi
he C–S–H matrix and not present as discrete Ca3(AsO4)2,
upporting previous electron microprobe findings[8]. How-
ver, at this time insufficient data is available to c
.4. Leaching of Cr

The Cr and Ca concentration profiles as a functio
eaching duration using 0.1 and 0.6 M acetic acid are sho
igs. 11 and 12, respectively. The SI’s of selected compou
re shown inTable 11. Initially, when an acidic pH existe
r was mainly present as HCrO4

−, Cr2O7
2−, and CrO4

2−.
he initial SI’s of all Cr compounds in the presence of
r 0.6 M acetic acid are much lower than 0.0, illustrating
igh solubility of Cr. As leaching progressed, the model id

ified CrO4
2− becoming the dominant species; however,

r remained highly soluble at all times.

ig. 11. Comparison between experimental and modelling result
ementitious wastes containing Cr tumbled with 0.1 M acetic acid.
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Table 11
SI’s of selected compounds at different stages of leaching for Cr-contaminated cement

Formula 0.1 M acetic acid 0.6 M acetic acid ML leachate

30 s 180 s 73 h 30 s 73 h 30 s 2 h 73 h

pH 5.3 9.6 12.1 4.5 7.5 9.3 10.0 12.1
pe 15.5 11.3 8.8 16.8 13.9 −5.2 5.3 2.0

Dominant Cr species
in solution

HCrO4
−

(79%)
CrO4

2−
(100%)

CrO4
2−

(100%)
HCrO4

−
(73%)

CrO4
2−

(97%)
Cr(OH)4−
(50%)

CrO4
2−

(100%)
CrO4

3−
(75%)

CrO4
2−

(11%)
Cr2O7

2−
(24%)

HCrO4
−

(3%)
Cr(OH)3
(44%)

CrO4
2−

(25%)
Cr2O7

2−
(10%)

CrO4
2−

(2%)
Cr(OH)2+

(6%)
Brownmillerite, Ca4Al2Fe2O10 −80 −46 −25 −86 −62 −63 −58 −41
Ca2Al2O5·8H2O Ca2Al2O5·8H2O −27 −10 0.40 −31 −19 −19 −16 −7.8
Ca4Al2O7·19H2O Ca4Al2O7·19H2O −54 −20 1.4 −60 −36 −37 −32 −15
CaH2SiO4 (gel) CaH2SiO4 −10 −1.6 3.4 −11 −3.3 −7.6 −4.0 −0.78
Calcite CaCO3 −3.0 0.75 0.75 −3.8 0.75 0.75 0.75 0.75
Calcium chromate CaCrO4 −3.6 −2.3 −2.2 −3.8 −1.9 −45 −6.7 −6.9
Chromite FeCr2O4 −26 −41 −51 −27 −35 0.00 −4.5 −5.2
Eskolaite Cr2O3 −16 −31 −41 −17 −25 −6.7 0.00 −1.8
Hydrogarnet Ca3Al2(H4O4)3 −41 −15 1.1 −45 −27 −27 −24 −11

The simulation indicated Cr leaching derives from disso-
lution of the C–S–H matrix, releasing Cr trapped within the
cement pores, and dissolution of free CrO4

2− present on the
C–S–H surface. Decreasing the proportion of free CrO4

2−
in the simulation resulted in an underestimation of Cr con-
centration illustrating Cr is mostly present as free CrO4

2−
supporting findings detailed in a previous publication[8].

Although Cr is known to adsorb on Al and Fe hydroxide
surfaces below pH 8[19], this model predicted the amount of
Cr adsorbed to be insignificant (<0.1 ppm Cr as HfosCrO4

−
using both 0.1 and 0.6 M acetic acid) due to the low level of
Fe in the system. Formation of a solid solution of CaCrO4
with Fe and Al hydroxides was also found to be insignificant.

The Cr leaching profile as a function of leaching duration
by the municipal landfill leachate is shown inFig. 13with
the SI’s of selected compounds provided inTable 11. During
the initial leaching period, the model indicated Cr(III) dom-
inates the Cr species in the solution as Cr(OH)3, Cr(OH)4−,

F s for
c

and Cr(OH)2+. The initial solubility of Cr was controlled
by the solubility of chromite (FeCr2O4). As leaching pro-
gressed, leachate pH and redox potential increased result-
ing in the oxidation of Cr(III) to Cr(VI). This is illustrated
by the domination of Cr as CrO42− after 2 h of leaching
(Table 11), while most Cr(III) appears to precipitate as its
oxide/hydroxide. This is observed by the plateau in the Cr
concentration between 1 and 10 h leaching. A further increase
in pH saw dissolution of the Cr(III) precipitate and domina-
tion of CrO4

2− in the solution, as indicated by the second
plateau inFig. 13.

The modelling provided evidence of Cr reduction during
the early stages of leaching and was influenced by the pH
and pe of the leachate. Variation in the reduction potential
may result in variation of the Cr speciation. For example,
a decrease of the reduction potential from−3.1 to −3.2
showed all the Cr present as Cr(III) and precipitated as its
oxide/hydroxide. In the experimental study, after 2 h tum-
bling with the municipal landfill leachate, 25% of the Cr in the

F s for
c hate.
ig. 12. Comparison between experimental and modelling result
ementitious wastes containing Cr tumbled with 0.6 M acetic acid.
ig. 13. Comparison between experimental and modelling result
ementitious wastes containing Cr tumbled with municipal landfill leac
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solution was in the form of Cr(III)[13]. In the model simula-
tion, although after 2 h of leaching the soluble Cr was mostly
in the form of Cr(VI), some existed as a Cr(III) oxide pre-
cipitate (eskolaite). This suggests the precipitation of Cr(III)
could be kinetically slow, resulting in Cr(III) being predom-
inantly soluble during the experiment while in the model all
the dissolved Cr(III) precipitated. It is important to note that,
although the modelling study showed when leaching with
this particular municipal landfill leachate the Cr existed as
chromate ions, under actual mature landfill conditions (where
leachate pH is typically between 6 and 8.5 and redox potential
can be lower due to the absence of oxygen) Cr is more likely
to exist as Cr(III), possessing a lower toxicity than Cr(VI)
[48].

5. Conclusion

Due to the wide variations in waste and leachate char-
acteristics, it is extremely difficult to develop a universal
model capable of accurately predicting metal leaching from
all available scenarios. The differences in these characteris-
tics strongly influence the chemistry and dissolution rates of
metals. However, if the compositions and dissolution rates of
important waste constituents can be identified, metal leaching
and speciation in the leachate can be predicted. This work has
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suggests its use for predictions in the longer-term is possible.
To confirm this, long-term leaching experiments and compar-
isons are required. Furthermore, greater attention is required
to account for the effect of factors leading to the observed dis-
crepancies between results that may have been overlooked in
this version of the model.
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